INTRODUCTION
Describing, explaining and modelling patterns of biological diversity is one of the major challenges facing ecologists today. Despite substantial advances in the sampling, processing, and analysis of data, researchers are still confronted with problems when engaging in this task. This is particularly true for deepsea chemosynthetic habitats that are characterized by difficult access and scarcity of data, and for which unknown species are commonly found in surveys, especially in the smaller size-components (e.g. meiofauna, Vanreusel et al. 1997 , Bright et al. 2003 , Sarrazin et al. 2006 , Van Gaever et al. 2006 , Copley et al. 2007 , Limen et al. 2007 . Even the seemingly 'simple' task of quantifying species diversity within or among groups of sites can turn out to be a difficult endeavour (Purvis & Hector 2000) . Biological diversity can have many different meanings. It can refer to ecological, molecular, phylogenetic or even functional (processes) diversity, depending on the level of observation. Here, we are concerned with the 'traditional' ecological meaning of diversity, which is commonly called 'species diversity' or 'α-diversity'. When considering samples that are drawn from a community, it usually refers to both 'species richness' (the number of species) and 'species evenness' (the relative abundance of taxa) (Simpson 1949) . However, it is also possible to refer to guild diversity, trophic diversity, and genus diversity (or any higher taxonomic groups); any subdivision of the community to which some biological meaning can be assigned could be worthy of such quantification. The 2 basic components of species diversity (richness and evenness) are usually summarized as 'simple' numbers in the form of 'diversity indices' or 'diversity measures'. They include, but are not limited to, species richness (S; McIntosh 1967), Shannon's entropy (H; Shannon 1948) , or some form of Simpson's concentration (λ; Simpson 1949) .
Publication of quantitative ecological data, i.e. counts of individuals by taxon, from hydrothermal vents and other deep-sea chemosynthetic communities have only become common in the last decade (e.g. Sibuet & Olu 1998 , Sarrazin & Juniper 1999 , Van Dover & Trask 2000 , Van Dover 2002 , Baco & Smith 2003 , Tsurumi 2003 , Tsurumi & Tunnicliffe 2003 , Turnipseed et al. 2003 , 2004 , Bergquist et al. 2003 , Cordes et al. 2005 , Flint et al. 2006 , Zekely et al. 2006a ,b, Copley et al. 2007 . The advent of quantitative faunal data from deep-sea chemosynthetic communities calls for better evaluations of the comparability of samples and the use of robust diversity ordering methods. A lack of consensus in the methodology of collecting, describing and analysing data often makes it difficult to confidently compare results both within and between independent studies (Sutherland 1996 , Warwick & Clarke 1996 . Observed species frequencies depend on the underlying diversity, but also vary with the capture probability distribution. The latter is a function of the sampling tools and strategy, the structure of the habitats, and the density of organisms (Gotelli & Colwell 2001 , Colwell et al. 2004 . It is thus necessary to ensure that adequate and comparable sampling is realized in all habitats and communities. Indeed, in order to be reliable, species diversity comparisons have to consider sampling method, mesh size, the number of samples, the number of individuals, the survey area, and the area or volume covered. Since such discrepancies are often ignored or not deemed sufficient to warrant concern, we consider it necessary to briefly review some of the methods, tools and requirements of species diversity research in their application to research in deep-sea chemosynthetic communities. We report on some problematic aspects of sampling and numerical analyses that are sometimes neglected in species diversity analysis in these communities. They include inconsistencies in sampling protocol, identification, or data analyses for which there are often, but not always, simple solutions. Some of these issues have been documented elsewhere for other benthic habitats (e.g. Sutherland 1996 , Warwick & Clarke 1996 .
It is understandable that the paucity of previously published work and the enormous difficulties and costs attached to the acquisition of data in extreme deep-sea environments have played a major role in this situation. However, it is now essential to adopt a more pragmatic and critical strategy to diversity estimation and comparison in deep-sea chemosynthetic ecosystems. The aim of this review is to emphasize the necessity of considering all factors that influence assessments of species diversity, and to properly consider what is being compared. First, a review of some of the submersible sampling tools that are used in deep-sea habitats is presented. Their selectivity with regards to hard and soft substratum is emphasized, but organism size and mobility are also considered. We then revisit commonly used measures and indices of diversity, and discuss some alternatives. Problems encountered in some diversity characterizations are illustrated with examples from the literature. One crucial aspect of the problem is the comparability of biological diversity between groups of samples that come from different habitats, communities, or different research projects. In particular, the ranking of sample groups and the use of some statistical tests will be addressed. We argue that it is necessary to scrutinize differences in sampling design and evaluate the completeness of a survey to estimate species richness and evenness. Failure to do this can lead to spurious results. Finally, some recommendations are made in light of the difficulties posed by the study of these remote communities. We hope that this work will trigger constructive discussion, and ultimately lead to higher quality descriptions and comparisons of the species diversity in these peculiar habitats, both within and between studies.
Some obligatory symbolism
Species richness (S) is the number of species in a community. The true species richness (S true ) of a community is the actual number of species composing it. The observed species richness (S obs ) is the number of species found in a sample; it is one of many estimates (S est ) of S true . For a sample of N individuals, each species i has an observed abundance of n i individuals, and the sum of the observed abundances for all species equals the sample size:
. The relative abundance of each species in the sample (p i ) is simply its abundance divided by the number of individuals in the sample: p i = n i ͞N. It is an estimate of the species' true relative abundance in the community, and the p i of all the species in the community add up to 1:
. A community is said to be perfectly 'even' if all species in the community have equal relative abundances, i.e. if p i = N͞S for all i = 1, 2,…,S. Communities where species frequency distributions depart from this theoretical situation towards one where a minority of species accounts for a majority of the cumulative relative abundance are said to be increasingly 'uneven'. This is often the case in chemosynthetic communities (e.g. Bergquist et al. 2003 , Smith & Baco 2003 , Zekely et al. 2006a , Copley et al. 2007 , Gollner et al. 2007 , Galkin & Goroslavskaya 2008 .
DEEP-SEA COMMON SUBMERSIBLE SAMPLING TOOLS & TREATMENT
Push corers (or tube corers; Fig. 1A ), blade corers (Bayon et al. 2009; Fig. 1B,C) , and Birge-Ekman box corers (Rowe & Clifford 1973; Fig. 1D) are the typical submersible tools that are used to sample fauna in the soft sediments of the deep ocean. These tools are very efficient in sampling a known surface; however, no generic tools are available or are used by scientists from around the world (Table 1) . Corers do not necessarily have the same size, and this may pose some comparison concerns. Nevertheless, they are considered to be quantitative, i.e. their results can be easily transformed to account for the area or volume sampled.
Originally designed by Van Dover (2002) and recently upgraded by C. Fisher's team (Pennsylvania State University), the pot sampler (Fig. 1E) is dedicated to the sampling of mussel beds and their associated community on both hard and soft substrata. It consists of a modified 12 q (11.356 l) aluminium-clad stainless pot with a handle, is filled with a Kevlar bag and is deployed by a submersible mechanical arm. After enclosing the assemblage, a handle is turned to cinch up the Kevlar bag, firmly securing the sampled mussels and associated fauna. The sampled area is known (531 cm 2 ), but the sampled volume is variable and depends on the penetration of the pot in the sediments.
Most scientific submersibles are equipped with a suction sampler (Fig. 1F ). This sampling tool, which is placed on the vehicle, is composed of a centrifugal pump and a long supple pipe with a nozzle. The suction sampler is manipulated with the submersible arm and is used on a target surface. Faunal samples go through the pipe and are collected in independent jars. A mesh of varying size is usually placed inside each jar to prevent sample loss. The suction sampler is commonly used to collect smaller organisms, otherwise the pipe could get clogged and the sample lost. It is particularly efficient in collecting smaller animals on hard substratum, but can also be used on soft sediments. Although the area of the sampled surface can be evaluated through video imagery (Sarrazin et al. 1997 ), this tool is generally not considered to be quantitative. However, as with grab and scoop samples (see below), it can be used to quantify species diversity alongside more quantitative tools, provided that their respective selectivity is acknowledged and data is properly analysed.
The major problem encountered in the deep sea is the sampling of large faunal communities on hard substratum. The Chimneymaster and Bushmaster ( Fig. 1G ) are original instruments created by C. Fisher's team to collect vent communities on and around hydrothermal edifices (Hourdez et al. 2000 , Bergquist et al. 2002 . These large nets are used to collect complete bushes of tubeworms and associated fauna, either on the seafloor (Bushmaster) or on sulphide chimneys (Chimneymaster). They have also been used on corals. The Bushmaster has proven to be very efficient on relatively flat hard bottoms (Bergquist et al. 2002 , Urcuyo et al. 2003 , Bergquist et al. 2007 ). On irregular or vertical sulphide edifice surfaces, it is also practical to use the submersible suction sampler in combination with the manipulator arm to collect faunal samples (Sarrazin & Juniper 1999) . These so-called 'grab samples' (Fig. 1H ) are then placed in collection boxes (Fig. 1I) . In these instances, video imagery is used to get an estimation of the sampled area (Sarrazin et al. 1997 , Tsurumi 2003 , Tsurumi & Tunnicliffe 2003 . Many submersibles are also equipped with some kind of nonquantitative scoop (Fig. 1J ), which is a canvas rock bag or mesh net with a solid wire frame at the mouth and a T-handle. Finally, the manipulator arm is also regularly used to collect whole organisms (Fig. 1K ) and abiotic substrata (Fig. 1L ).
Sieving
Each of the tools described above has different capture efficiencies for different species (Table 1) and may lead to loss of individuals, underestimation of the relative abundance of some groups, and overestimation of others. These tools thus differ in selectivity. It may be difficult to distinguish the differences stemming from (Copley et al. 2007) , and even 20 µm in other deep-sea habitats (Danovaro et al. 2008) . These discrepancies tend to obfuscate comparative results. In addition, the meiofaunal compartment in deep-sea hydrothermal vents and other remote marine ecosystems has received much less attention than the larger faunal compartment (Vanreusel et al. 1997 , Copley et al. 2007 , Danovaro et al. 2008 , creating a non-negligible bias in the estimation of diversity. Only recently has the study of meiofauna become almost systematic in vent and seep ecological studies (e.g. Bright et al. 2003 , Tsurumi 2003 , Sarrazin et al. 2006 , Van Gaever et al. 2006 , Copley et al. 2007 , Limen et al. 2007 ). All other things being equal, valid comparisons of diversity between samples, or groups thereof, can only be made for identical size components. Fig. 2 illustrates some of the sampling problems that are associated with the use of varying sieve sizes. It shows a fictional and perfectly even community composed of 4 species (i.e. p A = p B = p C = p D = 0.25). These species differ in average size, but otherwise have identical sizefrequency distributions. The average body size and sieve size are arbitrary, and only serve to illustrate a point. In this situation, and assuming an exhaustive sampling, different sieve sizes would give markedly different images of this community ( mens, and are expected to result in lower observed species richness as some species will not be retained on some sieves (e.g. species A with sieve 2; Fig. 2 ). Secondly (and more subtly), we can expect an underestimation of the relative abundance of the smaller species when mesh size crosses their size-frequency distribution (e.g. species B with sieve 2; Fig. 2 ). As a corollary, we can expect an overestimation of the relative abundance of larger species. This figure can also be interpreted in terms of the general selectivity differences among sampling tools. For example, relabelling the abscissa as, e.g. mobility, and replacing sieve size with different hypothetical sampling tools, would show that if species differ in terms of mobility, samples obtained using tools that vary in efficiency with the mobility of organisms could lead to very different results, even if said tools were used on the same community. We cannot altogether escape these sampling biases; however, the use of a variety of sampling tools could ultimately lead to better knowledge of the communities. Finally, variation in overall productivity can lead to a shift in average size for particular species and sieve size will always remain somewhat arbitrary. Some investigators have proposed the partitioning of organisms upon both taxonomic and size dependent criteria (e.g. macrofauna sensu strictu, Hessler & Jumars 1974) . Nevertheless, a standardization of the size components and sieve sizes to be used in future research would allow comparisons that are more straightforward.
MEASURING DIVERSITY: THE USUAL SUSPECTS

Species (or taxonomic) richness
Observed species richness has been suggested to be the most appropriate measure of diversity (Rosenzweig 1995) , and is sometimes regarded as its fundamental measure (Gaston 1996 , Martinez 1996 . It understandably remains the most often reported measure of diversity since it is a natural result of any field survey. It is also the only measure of species diversity that is available for presence-absence data. Despite its apparent simplicity, it is the measure that is most dependent on sampling design and intensity, and is greatly affected by the interaction between the evenness of the community and the sampling design. Rare species require more sampling effort to be found, and, by definition, uneven communities contain larger proportions of rare species. Unless we obtain a complete census, S obs is always an underestimation of S true . It is also a very incomplete measure of α-diversity, since it treats all species as equals, regardless of their relative abundance, or importance in terms of processes in the community. A number of numerical methods have been proposed to better estimate S true from a sample. While none seems to be completely satisfactory and all require difficult assumptions about species detection probabilities, they usually provide more accurate lower boundary estimates than S obs (Brose et al. 2003 , O'Hara 2005 . Finally, mean species richness for a collection of samples is often reported as 'richness' (e.g. Tsurumi 2003 , Bergquist et al. 2005 , Levin & Mendoza 2007 . However, it is a measure of 'species density', or the mean number of species in a sample (Gotelli & Colwell 2001 , Colwell et al. 2004 . Species density is an important parameter in itself. It can reflect ecological differences in spatial distributions and faunal densities. However, it can also reflect varying sampling efficiency among habitats. For example, given equal sampling effort in terms of numbers of samples, 2 communities that are identical in all aspects except density of individuals will appear very different with such a measure of 'richness' (Table 3) . This constitutes insufficient information to enable conclusion about differences in richness between these communities. The use of mean number of species by sample in statistical tests of S obs is further discussed later. In most accounts of biodiversity research, reported richness is usually observed species richness, or indicated as such, but this is not always the case. In reality, reported richness values do not systematically relate to species or even a constant taxonomic level. The lowest taxonomic level of identification is usually inconsistent within or between publications. Causes for such inconsistencies include insufficient prior knowledge of a given group, the discovery of new species, and the lack of resources or time. These estimates thus represent a lower boundary for S obs and this should be acknowledged. Unfortunately, they are sometimes presented as species richness, and all categories are counted 'as is' in richness estimates, taxon-sampling curves (rarefaction, see 'The completeness of inventories: Rarefaction') and other measures of diversity. Precise description of identification level for different groups should be provided (e.g. Sibuet & Olu 1998 , Cao et al. 2002a ,b, Levin et al. 2003 , Tsurumi & Tunnicliffe 2003 , Van Dover & Doerries 2005 , and 'taxonomic richness' should be preferred when identification levels vary (e.g. Braby et al. 2007 ).
Shannon diversity index
Shannon's entropy (H) incorporates evenness and richness in a composite measure by weighting each species according to its relative abundance (Shannon 1948): (1)
The units are nats or bits, depending on whether natural or base 2 logarithms are used, but these are usually discarded in the ecological literature. H is an entropy, or a measure of uncertainty, that originated in information theory, and this has been a source of criticism. However, like measures based on the Gini-Simpson index (see next subsection), it can be interpreted in terms of the probability of interspecific encounters: the probability that 2 individuals, randomly sampled with replacement from the community, belong to different species (Patil & Taillie 1982 , Jost 2007 . A common justification for its widespread use in ecological research is that it facilitates comparisons with previous studies. However, its real value strongly depends on unknown parameters in the statistical population: the number of unobserved species in the community along with their relative frequencies. Thus, as with S obs , the accuracy of observed H values increases with sampling effort, but to a lesser degree (Chao & Shen 2003) .
Gini-Simpson diversity index
The Gini-Simpson index (D) is the probability of interspecific encounter (Gini 1912 , Simpson 1949 : (2) where λ is called Simpson's concentration, which is a measure of the distribution of individuals among species (Simpson 1949) . Compared to the Shannon index, it slightly downweights the less abundant species in favour of the most common ones in its calculations. It is also of common use in diversity surveys and has been advocated for assessing biodiversity with limited time and resources (Lande 1996 , Lande et al. 2000 , Magurran 2004 . Its accuracy is less affected by sample size than that of either S obs or H.
The effective number of species
Not all diversity measures are readily interpretable. All other things being equal, ecologists have no trouble grasping that a community with S true = 20 is twice as rich as one with S true = 10 species. It is also clear that in a community with D = 0.5, it is twice as likely to randomly draw 2 individuals belonging to different species than in a community with D = 0.25. However, in what way does a community with H = 1 nats compare to one with H = 1.22 nats? The 'effective number of species' of a community lends itself to simpler interpretations; it is the number of species that would make up a hypothetical perfectly even community (i.e. p i = N/S for all i = 1, 2,…,S) that is exactly as diverse as the one under consideration (MacArthur 1965) . This so-called 'Hill numbers' (Hill 1973) , and 'numbers equivalent' of Patil & Taillie (1982) are both expressed as effective numbers of species. It can be easily computed for most diversity indices (MacArthur 1965 , Hill 1973 , Patil & Taillie 1982 , Keylock 2005 , Jost 2006 . It would be generally advisable to report effective numbers of species since their units and meaning are readily interpretable. The effective number of species derived from H is exp(H); formulas for commonly used entropy measures are found in Jost (2006 Jost ( , 2007 .
THE COMPLETENESS OF INVENTORIES
Sample coverage
The validity of comparisons of species diversity estimates between different sites or studies depends largely on the completeness, or coverage, of the different inventories. 'Sample coverage' is defined as the fraction of the total number of species that is observed in a survey, i.e. (Chao & Shen 2003 ). An inventory is said to be complete with regards to species richness if all the species in the community have been observed, i.e. if C = 1. S true is usually an unknown parameter, and the only way to know it with certainty is to perform a complete census. This is, at best, impractical in studies of biological diversity, particularly in deep-sea environments where accessibility and time are primary constraints. However, notwithstanding their underlying assumptions, richness estimators S est can be used to evaluate C; Ĉ = S obs ͞S est . Indeed, Brose et al. (2003) showed that among 12 richness estimators, S obs was always the most biased, and the least accurate when a large number of species were undetected. They also concluded that all these estimators underestimated S true , and must be considered as lower boundary estimates. It is beyond the scope of this paper to provide an in-depth review of richness estimators, but nonparametric estimators, notably the Chao and jack-knife estimators, outperform parametric estimators in most situations (Walther & Moore 2005) .
Rarefaction
Taxon-sampling curves, or rarefaction curves (sensu Gotelli & Colwell 2001) , are also invaluable tools for assessing inventory completeness. They illustrate the increase in the expected, rather than the observed, species richness with increased sampling effort, up to S obs when all collected samples and individuals are accounted for. If the curve reaches an asymptote at S obs , the reliability of this richness estimate is increased. This procedure is also often used to reduce sampling effort down to its lowest value for groups of samples that are to be compared (Hurlbert 1971 , Gotelli & Colwell 2001 . However, different habitats do not necessarily require the same amount of effort to be adequately sampled. The detection probabilities of different species are not necessarily constant across habitats (Cao et al. 2007) and rarefaction curves are known to intersect in some situations (Lande et al. 2000 , Thompson & Withers 2003 . Indeed, the initial slope of a rarefaction curve reflects the evenness of the sampled community. For uneven communities, the curve rises gradually toward its final value because most individuals belong to a few dominant species. In contrast, for even communities, a steep increase is observed from the onset. Hence, given sufficient sampling effort, it is expected that 2 taxonsampling curves will intersect if the species-poor community is more even than the species-rich one (Lande et al. 2000 , Thompson & Withers 2003 . In this way, these curves not only convey invaluable information about sample coverage, but also provide a graphical representation of the observed richness and evenness of communities, thereby facilitating comparisons.
However, even the use of the same sampling tools and a standardized effort in terms of surface area, volume, or number of samples collected does not guarantee that comparable coverage will be achieved. Noncomparable coverage can result, for example, from differences in the overall density or patchiness between the habitats, or from the interaction between habitat structure and sampling tools (Thompson & Withers 2003 , Underwood et al. 2008 . As mentioned in the sampling section, different sampling tools have different selectivities, which can be greatly influenced by the structure of the habitat (e.g. hard vs. soft substratum). In this context, rarefaction curves should be regarded as diagnostic instruments to evaluate the sufficiency of sampling effort within habitats, or groups of sites (e.g. Willott 2001 ). Ideally, to minimize density and contagious distribution effects, and to focus on species richness, these curves should be computed on samples, but plotted against the expected number of individuals in these samples (Gotelli & Colwell 2001) . Indeed, the only option with one sample is to compute the curve by accumulating individuals. When many samples are available, the curve can be computed in 1 of 2 ways: the samples are either (1) pooled and the curve is computed on individuals (individual-based rarefaction), or (2) kept separate, and the curve is computed by accumulating samples (sample-based rarefaction). Notably, individual-based rarefaction effectively blurs any spatial or temporal variations in the distribution of organisms. Therefore, in most applications, sample-based rarefaction should be used when possible. The x-axis of the graphical representation can be scaled on samples, individuals or any other measure relating to the size of the sample (volume, area, etc.). Richness comparisons among groups of samples are made by plotting samplebased accumulation results against the mean number of individuals per sample (Gotelli & Colwell 2001 ). This representation acknowledges the variation in organism densities among groups of samples (e.g. see Figs. 3 & 4) . Alternatively, scaling sample-based accumulation results against the number of samples allows for species density comparisons (Gotelli & Colwell 2001) . Readers are referred to Gotelli & Colwell (2001) for a more in-depth description of the use and potential pitfalls of rarefaction curves.
Evaluations of the completeness of surveys with taxon-sampling curves and of sample coverage should be performed for every subset of samples that is to be compared (e.g. Van Dover 2002 , Bergquist et al. 2005 , Van Dover & Doerries 2005 . In practice, however, rarefaction is sometimes either not performed (e.g. Sarrazin et al. 2006) or is computed for the entire dataset only (e.g. Tsurumi 2003 , Flint et al. 2006 . We computed sample-based rarefaction curves for subsets of samples from hydrothermal vents on the Northern East Pacific Ridge (NEPR) (Fig. 3 ; data from Tsurumi 2003) . In Tsurumi (2003) , rarefaction was only carried out for the entire dataset and subsets were ranked according to their diversity, albeit sampling coverage was unequal within these groups (Fig. 3) . The reprocessed data show that the curve for the South Rift Zone, for which the number of individuals by sample is low, still exhibits a very steep slope, while that for Ashes, with a larger number of denser samples, is levelling off. Moreover, it is unclear whether the Cleft and Ashes curves would intersect at higher sampling effort, effectively reversing the ordering of these communities with respect to observed species richness. The initial slopes of these curves differ and reveal the community from Ashes to be more even than that from Cleft (Lande et al. 2000) . However, estimation of species richness (Table 4) indicates that with further sampling, these 2 sites might be shown to have comparable species richness. Sample coverage estimates indicate that a maximum of 75 to 93% of all species were observed in this study (Tsurumi 2003 ; Table 4 ).
Coring deeper
Taxon-sampling curves can not only be used to assess the completeness of inventories, but also to evaluate the impact of particular sets of samples or species on diversity. Use of curves can be instructive in partitioning species diversity among separate components to better compare communities from distinct habitats. For example, in a comparison of Florida Escarpment (FE) seep and Snake Pit (SP) vent fauna, Turnipseed et al. (2004) note that 'For sedimentary settings, as at the FE mussel beds, the intent was to sample only the epifaunal mussel bed and its associated community, but some samples penetrated into the mud beneath the mussels'. This is an a priori recognition that the sediments on which seep mussel beds rest may constitute a distinct microhabitat that is absent in hard substratum hydrothermal communities; it is also a clear expression of the intention of the authors to compare only the epifaunal components.
The authors identified 5 out of 13 samples that contained some sediment, but the data is analysed without considering this. However, of the 46 taxa that were identified at FE seep, 11 (24%) were present only in samples with sediments. These 'rare' species appeared in no more than 2 samples each and had very low abundances (Table 5) . Removing them brings the ratio of total S obs between seeps and vents from 46:23 to 35:23, which is a more reasonable comparison of the epifaunal components. The same change is obtained by entirely removing the 5 samples with sediments. Rarefied values in Turnipseed et al. (2004) likewise supported the view of a doubling in richness from vents to seeps. On the other hand, observed and rarefied richness that were obtained after removing either the species that were found only in samples with sediments or the entire samples with sediments point to a Patchy (SRZ+Cleft) Fig. 3 . Sample-based rarefaction curves for groups of samples collected at different vent sites of the Northern East Pacific Ridge (NEPR). Combined macrofaunal (1 mm sieve) and meiofaunal (63 µm sieve) data from vestimentiferan clumps is from Tsurumi (2003) . In the original paper, the curve for 'All sites' is compared to that in Grassle & Maciolek (1992) Table 4 . Observed taxonomic richness (S obs ), number of samples (n samples ), number of individuals (n ind ), Chao incidencebased estimation of species richness (S est ), and sample coverage (Ĉ = S obs ͞S est ) for macrofaunal (1 mm sieve) and meiofaunal (63 µm sieve) data from vestimentiferan clumps in Tsurumi (2003) . The 2 samples from Co-Axial are included in the 'All sites' sample, but not presented on their own. All taxa are treated as species although a minimum of 8 taxa probably include multiple species. Parentheses: SE of the estimates more conservative (~50%) enrichment of epifaunal richness from vents to seeps at this sampling intensity (Fig. 4) . The shape of the curves for datasets from which 'sediments-only' species were removed, also suggests that more intensive sampling would provide similar relative gains in richness in FE and SP. These results support the general trend of a higher richness in seeps than in vents, and the hypothesis that this is a consequence of the lesser toxicity and longer duration of seeps (Sibuet & Olu 1998 , Turnipseed et al. 2003 , 2004 , Levin 2005 . However, they also give some evidence that this effect might be better described and understood by partitioning the communities into distinct components before proceeding with comparison since part of the variation in richness is attributable to microhabitat size and diversity. While sedimented hydrothermal sites do exist, the bulk of our current knowledge on hydrothermal ecosystems comes from research on sites with low sedimentation rates that present mostly hard (sulphide or basalt) substrata (Levin et al. 2009 ). Faunal samples from these ecosystems are often, but not always, limited to epifaunal species (Levin et al. 2009 ). Except for carbonate crust samples (Fig. 1L) , seep samples usually contain some sediments and their associated infauna.
PROFILING DIVERSITY
Inconsistencies can be encountered when trying to order communities in terms of their diversity using different indices; these partly stem from the fact that a multivariate reality has been reduced to a univariate scalar (Patil & Taillie 1979 , Tóthmérész 1995 . Some information is lost in the process, emphasis is put on different aspects of the multivariate reality, and this results in different diversity indices leading to different ordering of the communities (see Patil & Taillie 1979 , Tóthmérész 1995 . This has led Tóth-mérész (1995) and others (Rousseau et al. 1999 , Liu et al. 2007 ) to further explore the method of 'diversity ordering' proposed by Patil & Taillie (1977 , 1979 , 1982 Not tagged as only present in sediments in Table 1 of Turnipseed et al. (2004) , but only 1 ind. was recorded from the semiquantitative scoop sample that contained 0.46 l of sediment Table 5 . Taxa that only appeared in the 5 samples with sediments from the Florida Escarpment seeps (Turnipseed et al. 2004 ). Arbitrary tags given in the original paper for incompletely named specimens (A, C and Solomon (1979) . Diversity ordering gives a clearer and more complete picture of species diversity. The first step is to compute a family of diversity indices.
Comparisons are then made between communities and a community is said to be more diverse than another if, and only if, this is true according to all of the indices. These indices vary in the weight they assign to abundant and rare species in their quantification of diversity. In this context, 'low order' (also referred to as 'low scale') refers to indices that give more weight to rare species (e.g. S), while 'high order' (also 'high scale') refers to indices that give more weight to dominant species (e.g. the Berger-Parker index, see next subsection). The results are displayed as graphical profiles that allow visual comparisons. Where the lines for 2 communities intersect, they are 'non-comparable' (or 'non-separable'; Liu et al. 2007 ). This means that such an approach can give a 'partial ordering' of the communities, i.e. an ordering where some uncertainty remains because the position of some of the communities is still undetermined. While this may seem unsatisfactory because it can result in a fuzzy solution, it has the benefit of being more robust than reliance on a few indices. Liu et al. (2007) have shown that existing diversity ordering methods can be classified within 4 groups. The results from these methods are consistent within groups, but can be incongruent between them. We briefly present here one information-related method; Rényi's generalized entropy (Group 1 in Liu et al. 2007) , and one intrinsic diversity-related method, the right tail-sum method (RTS) (Group 4 in Liu et al. 2007 ).
Rényi's generalized entropy
Rényi's generalized entropy (Rényi 1961 , Tóth-mérész 1995 is one of the better-known informationbased families of indices.
α H is called the entropy of order α:
It gives the same ordering as 'Hill numbers' (Hill 1973) , and numbers equivalent (Patil & Taillie 1979 , 1982 . Jost (2006 Jost ( , 2007 has shown that the choice of the actual entropy is not important. Entropies and numbers equivalents also give the same ordering (Jost 2006 , Liu et al. 2007 ). The effective numbers of species for Rényi entropies ( α D) are their exponential:
Commonly used diversity indices are special cases of Rényi entropies (Rényi 1961 , Hill 1973 , Tóthmérész 2005 , Jost 2006 . For example, at α = 0, we get the natural logarithm of richness give the same effective number of species (Jost 2006) . While α H is not defined for α = 1, its limit is Shannon's entropy. Finally,
is the BergerParker dominance index, which depends only on the relative abundance of the dominant species (max(p i ); Berger & Parker 1970). In summary, while low-order measures emphasize the importance of rare species regardless of relative abundance, higher-order measures gradually downweight the contribution of rare species. The pivotal point is found with measures of order 1, like Shannon's entropy, for which the weight given to each species is its relative abundance.
Right tail-sum
The right tail-sum method (RTS; Patil & Taillie 1979 , 1982 ) is a representative of the family of intrinsic diversity-related methods. As defined by these authors, community A is said to be intrinsically more diverse than community B (i.e. A ≥ B) if A can be derived from B by performing a finite sequence of (1) adding species to B, (2) transferring abundance from a more abundant to a less abundant species in B, and (3) relabelling the species in B. The right tail-sum of rank i (T i ) is obtained by first ranking species in terms of decreasing relative abundance and computing: (4) where p [j] is the relative abundance of the j th most abundant species. RTS plots are easy to understand, and reflect a clear definition of species diversity.
RTS is connected to other intrinsic diversity-related methods. It is equivalent to logarithmic dominance plots (Tóthmérész 1995) , and complementary to majorization (Solomon 1979 ) and k-dominance plots (Shaw et al. 1983; see Liu et al. 2007 for a concise description of these and other diversity ordering methods). These methods all give the same ordering of communities. In RTS and logarithmic dominance plots, the curves of the more diverse communities are above those of the less diverse ones, just as in Rényi's generalized entropy profiles. The opposite is true in majorization and k-dominance plots. Intrinsic diversity-based methods are the most stringent: communities that can be ordered by intrinsic diversity can also be ordered by other methods but the reverse is not necessarily true (Liu et al. 2007 ). Tóthmérész (1995) recommends RTS ordering for species-poor communities, and the results of Liu et al. (2007) indicate that RTS might be the method of choice for all communities given its straightforward interpretation and the inconsistencies of results given by other groups of methods. 
Profiles in practice
Diversity ordering has appeared in diverse fields of ecology (Lewis et al. 1988 , Kendall & Aschan 1993 , Gove et al. 1995 , Solomon & Gove 1999 , Ricotta et al. 2002 , Danovaro et al. 2008 ), but apart from a few notable exceptions, it has not become common practice in deep-sea chemosynthetic environments (Zekely et al. 2006a ,b, Copley et al. 2007 , Galkin & Goroslavskaya 2008 . Carney (2007) makes an appeal for the use of multiple indices that give variable weights to rare and abundant species. He also points out that 'ease of computation has made this the standard approach in benthic ecology' but, apart from a reference to Hill (1973) , makes no mention of diversity profiles in his timely historical review. Similarly, Tóthmérész (1995) states that diversity profiles are not of widespread use in ecology because 'they involve more calculations than a simple diversity index' and 'few of these methods are included in standard computer packages'. While these reasons might explain why we do not see more diversity profiles in published work, they are only of a practical nature. The widely distributed and freely available EstimateS (Colwell 2006) already performs rarefaction for species richness, Shannon's entropy, and the inverse of Simpson's concentration (1/λ). Finally, the R language provides access to numerous functions for the computation and plotting of a variety of classical and rarefied diversity measures (R Development Core Team 2008) . The vegan (Oksanen et al. 2008) and BiodiversityR (Kindt & Coe 2005) libraries are useful in producing Rényi and Hill profiles, as well as accumulation curves for all orders.
As an electronic supplement to this paper, we provide an R source file defining functions to easily compute and plot intrinsic diversity profiles for groups of samples (www.int-res.com/articles/suppl/m402p285_ app/). Along with functions in the Biodiversity R package (Kindt & Coe 2005) , these were used to produce the diversity profiles in Fig. 5 for data from the Unimak Margin, Alaska (at depths > 3000 m), that was taken from the first published seep macrofaunal data set (Levin & Mendoza 2007, their Appendix 3) . Richness and numbers equivalents of Shannon's entropy and Simpson's diversity can be read on the numbers equiv- (Fig. 5A) for orders of 0, 1 and 2, respectively. Except for non-seep samples, they do not allow a coherent ordering of communities. The profiles, however, reveal that the most important differences lie in the number of observed species: the value at an order of 0 in Fig. 5A , and the length of the 'tail' in Fig. 5B . For example, non-seep samples from slopes are more diverse than those on mud mounds mostly because they harbour more species, although both have similarly shaped profiles. Unfortunately, we were unable to assess the completeness of this survey because the published data table contains mean densities per core. We assumed comparable sampling to illustrate the usefulness of diversity profiles.
Rarefying profiles
Rarefaction is usually performed only for species richness. It often reveals that some groups of samples clearly have not levelled off, but tests are nonetheless performed on the total observed species richness, Shannon entropy, or other measures of diversity. However, as shown in Fig. 6 , the bias and accuracy of all measures of diversity are naturally affected by the completeness of inventories. Moreover, low-order entropies and Hill numbers (Fig. 6A) , and high rank values in intrinsic diversity profiles such as RTS (Fig. 6B) , including richness itself are the most affected.
This sampling effect is expected from the definition of these measures, and has been illustrated before for measures other than richness (Soetaert & Heip 1990) . Previous research has advocated the use of the GiniSimpson index, rather than its Shannon counterpart, for assessing biodiversity with limited time and resources because it converges more rapidly (Lande 1996 , Lande et al. 2000 , Magurran 2004 . While this recommendation is generally applicable in practice, chemosynthetic communities are known to be uneven and can harbour numerous rare species (e.g. Bergquist et al. 2003 , Smith & Baco 2003 , Zekely et al. 2006a , Copley et al. 2007 , Gollner et al. 2007 , Galkin & Goroslavskaya 2008 . Since the latter are difficult to sample, low-order measures can give positively mis- leading results, and rarefaction should be applied to 'all' diversity measures (i.e. even those that downweight rare species more than the Gini-Simpson index). This is particularly important when rarefaction performed for richness indicates unequal completeness, which is a common conclusion in deep-sea research. Rarefaction allows a more robust and complete ordering based on the data at hand. If diversity profiles overlap (we have reason to believe that the accuracy of these estimations varies between groups), we can make preliminary conclusions based on the ordering of profiles at higher orders (or lower ranks). Rarefaction also allows bringing these estimates down to a common sampling effort for curves that have not levelled off.
When comparing 2 or more communities, it can be misleading to draw conclusions on low-order diversities without assessing completeness regardless of whether sampling has been homogeneous or not. However, high-order/low-rank measures are usually much less informative of the overall community diversity. Computing rarefied diversity profiles obviously requires more computations and data manipulation, but tools are available for the calculation of Rényi entropies and effective numbers of species in the BiodiversityR package (Kindt & Coe 2005) . Furthermore, functions to compute rarefied intrinsic diversity profiles, including RTS, are also included in the electronic supplement.
THE MEANING OF DIFFERENCES
It has become common to look for statistical differences in average richness or other measures of diversity (e.g. Shannon's index or Simpson's concentration) with parametric or bootstrapped t-tests or nonparametric U-tests (e.g. Levin et al. 2000 , Turnipseed et al. 2003 , 2004 , Zekely et al. 2006a ,b, Gollner et al. 2007 , Galkin & Goroslavskaya 2008 . The purpose of such tests is usually to assess whether different groups of samples exhibit differences in these characteristics, and to rank them accordingly. The results of these analyses are interesting in their own right. However, it is important to point out that these tests do not allow the ranking of communities with regards to the desired parameter (richness, Shannon diversity, etc.) . Indeed, what is being tested is whether there are significant differences in the average values of the parameter for single samples. Thus, the tests are performed on the worst estimates available that correspond to the leftmost values in rarefaction plots.
For example, a good estimation of species richness usually requires repeated sampling within the community. Mean richness in a single sample is not only affected by total richness but also by overall density, evenness, the patchiness of distributions and sampling design (Tables 2 & 3, Figs. 2 & 7) . Moreover, as explained above, rarefaction curves can intersect with an increase in sampling effort (Lande et al. 2000 , Thompson & Withers 2003 . Fig. 7 illustrates a hypothetical situation where testing for average differences leads to spurious conclusions. It shows rarefaction curves for richness (Fig. 7A ) and the number equivalent of Shannon's entropy (Fig. 7B) An incorrect interpretation of these results would be that B is richer and has higher diversity of order 1 than A when this is clearly not the case. The correct statistical interpretation is that the mean observed richness in one sample from B is greater than that in one sample from A, and this can lead to different ecological inter- 1 H) = 6.3, but S A = 20 and S B = 11, as indicated by dashed lines. In A, majority of species are rare, appearing in only 1 sample. This reflects very patchy distributions. In B, species appear in nearly all samples. Parametric (t-test) and nonparametric (U-test) tests performed on these indices evaluate the significance of differences in the worst estimation of diversity available from the survey (value for 1 sample, left-hand side of each graph) and do not reflect actual differences in richness or diversity of order 1. Significant differences can stem from differences in overall density or spatial distribution. Example data are from Tóthmérész (1998) pretations. In this constructed example, we know that species exhibit different distribution patterns in communities A and B. Nearly all species are present in each sample from B (homogeneous distributions) while only a few are present in each sample from A (contagious distributions). While this example is undeniably of an extreme nature, it nevertheless illustrates the fallacy of using such tests to draw conclusions on species diversity ranking of communities.
CONCLUSION
We have examined the current state of practices in species diversity measurement and comparison based on quantitative samples from deep-sea chemosynthetic communities. These data are becoming both more frequent and extensive, and our analysis has revealed some problems in their use and analysis. In light of our conclusions, we make 5 recommendations for future and ongoing studies:
(1) Be specific. When different taxonomic levels are reported, this should always be clearly stated. Species richness should be used only when all reported taxa are species. Taxonomic richness is vague enough that it can be used even when mixed levels are found, but should always come with a detailed account of actual taxonomic levels. In this instance, it should be acknowledged that these values represent lower bound estimates of S true . Ideally, all data tables should be made available after publication through the use of online supplements, or centralized databases.
(2) Avoid the protocol conundrums. Numerical data treatment is never a panacea. It is imperative to consider all aspects of sampling before comparing results. Some further efforts should be made within the research community to use standardized size compartments and sieves.
(3) Embrace diversity. Rather than restricting the description of species diversity to just a few indices, use diversity profiles. Emphasize comparisons at those orders for which estimations are more reliable. Intrinsic diversity-related methods are readily interpretable and stricter compared to other methods. They can be computed, plotted and rarefied in R using the functions provided as an online supplement.
(4) Rarefy everything. Or, at least, consider that all species diversity measures based on richness and evenness are more or less affected by sampling effort and inventory completeness. Evaluate how robust these estimates are in groups of samples of interest through rarefaction curves. If the curves have not levelled off, gather more samples or use caution in your interpretation.
(5) Pass on the tests. Beware of tests that do not answer the biological question of interest. The results of tests of average differences in species diversity can actually reflect differences in many parameters other than species diversity itself. A good estimate of species diversity requires repeated samplings (or one very large sample). Mean values for one sample are the worst estimates available.
Our knowledge of species diversity in deep-sea chemosynthetic communities has come a long way since their discovery in the late 70s. These communities appear to display opposite patterns of diversity and biomass from their abyssal counterparts. While they have only recently been discovered and some of the species they harbour are still unknown to science, chemosynthetic ecosystems are already threatened by current or upcoming anthropogenic impacts such as deep-sea fisheries, exploration and exploitation for mineral and hydrocarbon sources as well as global warming. The development and use of approaches that allow more accurate and robust assessments and comparisons of their species diversity is a necessary step towards their management and protection. It is our hope that the views and tools presented here will contribute positively to species diversity research in deep-sea chemosynthetic communities. 
